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Abstract. During subsurface transport, reactive solutes are subject to a variety of hydrological, phys-
ical and biochemical processes. The major hydrological and physical processes include advection,
diffusion and hydrodynamic dispersion, and key biochemical processes are aqueous complexation,
precipitation/ dissolution, adsorption/desorption, microbial reactions, and redox transformations. The
addition of strongly reduced landfill leachate to an aquifer may lead to the development of different
redox environments depending on factors such as the redox capacities and reactivities of the reduced
and oxidised compounds in the leachate and the aquifer. The prevailing redox environment is key
to understanding the fate of pollutants in the aquifer. The local hydrogeologic conditions such as
hydraulic conductivity, ion exchange capacity, and buffering capacity of the soil are also important in
assessing the potential for groundwater pollution. Attenuating processes such as bacterial growth and
metal precipitation, which alter soil characteristics, must be considered to correctly assess environ-
mental impact. A multicomponent reactive solute transport model coupled to kinetic biodegradation
and precipitation/dissolution model, and geochemical equilibrium model can be used to assess the
impact of contaminants leaking from landfills on groundwater quality. The fluid flow model can
also be coupled to the transport model to simulate the clogging of soils using a relationship between
permeability and change in soil porosity. This paper discusses the different biogeochemical processes
occurring in leachate-contaminated soils and the modeling of the transport and fate of organic and
inorganic contaminants under such conditions.
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1. Introduction

Sanitary landfills have been, and continue to be the most economical method for
solid waste disposal. Leakage of inorganic and organic pollutants from landfills
over time can influence the groundwater quality. Contamination of groundwater by
landfill leachate represents the major environmental concern associated with the
landfilling of waste. Mathematical models can serve as important tools to evaluate
the effects of infiltrating leachate and assess remedial options. In order to estimate
the environmental risk and develop strategies for groundwater protection against
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contamination by landfills, an understanding of chemical transport and behaviour
of pollutants in soil-groundwater system is required.

Numerous mathematical models have been developed to simulate the migration
of pollutants in soils; however, most models simulate either geochemical processes
or biological transformations in soils. Relatively few models include the interaction
between biodegradation and inorganic geochemical reactions in soils. The transport
of landfill leachate in soils is controlled by complex interactions between the vari-
ous physical, chemical and biological processes. A simulation model that couples
the biogeochemical processes to the physical transport processes, under realistic
boundary conditions, can be the key to understanding the movement of leachate
and effectively managing the problem.

2. Basic Biogeochemical Processes in Soils

The movement of moisture through solid wastes buried in the soil at landfill sites
results in the production of leachate. The concentrations of different constituents
of this leachate vary according to the age, composition of the waste material and
the degree of solid waste stabilisation (Chian and DeWalle, 1976). The migration
of landfill leachate is affected by the initial biochemical processes that generate
leachate, and physical and chemical attenuation.

2.1. MIGRATION OF LANDFILL LEACHATE

Once leachate migrates outside the confines of the landfill, its physicochemical
and biochemical character will be altered. The most active physicochemical pro-
cesses are likely to be dilution, adsorption, exchange reactions, and precipitation,
with filtration for particulate matter (Bagchi, 1987; Christensen et al., 1994). The
biochemical processes involve microbial degradation, either aerobic or anaerobic,
with the latter expected to be most active, since the major part of the degradation
takes place under strictly anaerobic conditions (Lyngkilde and Christensen, 1992a).
Different factors such as leachate flow rate (Alesii et al., 1980), dissolved organic
carbon (Boyle and Fuller, 1987; Christensen et al., 1996), and buffer capacity of
soils (Yanfull et al., 1988) have considerable effects on the migration of metals in
leachate contaminated soils.

Depending on the composition of the leachate, a sequence of redox zones of in-
creasing redox potential may develop downgradient of a landfill; zones of methane
production, sulfate reduction, ferric reduction, manganic reduction, nitrate reduc-
tion, and oxygen reduction will develop if the corresponding electron acceptors
are present in the aquifer (Baedecker and Back, 1979; Lyngkilde and Christensen,
1992b). Table I shows the sequence of different redox reactions downgradient of a
landfill. The redox zones can overlap (Wang and Van Cappellen, 1996; Baedecker
and Back, 1979; Christensen et al., 1994) and simultaneous methane production,
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Table I. Sequence of different redox reaction downgradient of a landfill (Christensen et al.,
1994)

Reactants converted to products �G0 (kcal/mol)

(pH = 7)

Methanogenic processes

2CH2O → CH3COOH CH4 + CO2 −22

4H2 + CO2 CH4 + 2H2O

Sulphate reduction

2CH2O + SO2−
4 + H+ 2CO2 + HS− + 2H2O −25

Iron (ferric) reduction

CH2O + 4Fe(OH)3 + 8H+ CO2 + 4Fe2+ + 11H2O −28

Manganese (manganic) reduction

CH2O + 2MnO2 + 4H+ CO2 + 2Mn2+ + 3H2O −81

Denitrification

5CH2O + 4NO−
3 + 4H+ 5CO2 + 7H2O + 2N2 −114

Aerobic respiration, oxygen reduction

CH2O + O2 CO2 + H2O −120

sulfate reduction and iron reduction has been observed in leachate plume (Bjerg
et al., 1995; Ludvigsen et al., 1998).

The significance of sulfate-, iron-, manganese-, and nitrate-reducing zones
depends on local conditions. Where the amounts of iron and manganese on the sed-
iment are negligible (low oxidation capacity), large horizontal zones of methano-
genesis and sulfate reduction will develop (Christensen et al., 1994). High amounts
of iron and manganese, as expected in reddish, oxic aquifers (high oxidation capa-
city) will strongly diminish the methanogenic and sulfate-reducing zones. Most
specific organic compounds are degraded in the anaerobic plume under metha-
nogenic/sulfate-reducing or iron-reducing conditions (Lyngkilde and Christensen,
1992a; Rügge et al., 1995). The sequence of redox processes strongly affects the
migration of pollutants leaching from landfill and is the main key to understanding
the fate of reactive pollutants in the plume (Lyngkilde and Christensen, 1992b;
Bjerg et al., 1995).

The reactions involved in pH and redox buffering processes are important in
controlling the concentrations of many major and minor chemical species in landfill
leachate contaminated plume. The important pH controlling reactions in leachate
are (Baedecker and Back, 1979) degradation of organic material producing CO2

and smaller amounts of NH3, which form the HCO−
3 , H+ and NH4

+ ions; reduction
of CO2 to CH4; and reduction of SO4

2− to H2S and additional CO2.The intro-
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duction of organic matter, methane, ammonium, hydrogen sulfide, and dissolved
iron into an aerobic aquifer leads to redox buffering reactions. If the aquifer con-
tains carbonate minerals, it dissolves upon introduction of acid phase leachate and
buffers the pH near neutral background levels (Kehew and Passero, 1990). These
buffering reactions result in increased dissolved alkalinity, calcium, and magnesium,
thereby increasing the saturation indices of carbonate minerals in groundwater.

2.2. EFFECT OF BIOGEOCHEMICAL PROCESSES IN SOILS

Laboratory and field studies suggest that hydraulic conductivity of the soil under
the landfill decreases with time primarily due to heavy metal precipitation and plug-
ging of soil voids as a result of microbial growth (Griffin et al., 1976; Cartwright
et al., 1977; Quigley et al., 1987; Yanful et al., 1988; Brune et al., 1994; Rowe
et al., 1997a; Kjeldsen et al., 1998). Bacterial degradation of volatile organic acids,
primarily acetic acid to CO2 accelerate the precipitation of CaCO3, the major in-
organic component of ‘clog slimes’ in leachate-drainage systems (Rittmann et al.,
1996). These reactions consume acidic hydrogen, causing an increase in the pH and
the total carbonates in the leachate thereby accelerating the precipitation of CaCO3.
Some unlined landfills in New Zealand appear to have undergone ‘plugging’, and
have shown significant reduction in leakage of pollutants over time (Nelson, 1995).

The clogging material consists of a network of aggregates of bacteria with de-
posits of inorganic material on their surfaces (Brune et al., 1994). Microscopic
examination shows that precipitation occurred only on the bacterial cells and the
slime fibrils, never on the uncolonised space in-between. Chemical analysis of
the incrustation material shows that its inorganic components consist of calcium,
iron, and manganese combined with carbonate and sulfur. The precipitation and
clogging of drainage material in landfills appears to be caused by two processes:
bioreduction of sulfate in the vicinity of the sulfate-reducing bacteria resulting in
sulfur precipitating as insoluble metal sulfide, and precipitation of calcium carbon-
ate onto the surface of the methane-producing and sulfate-reducing bacteria (Brune
et al., 1994).

3. Modeling Methodology

Once the landfill leachate released into the subsurface, contaminants will interact
hydrologically, physically, and biochemically with both the groundwater and the
soil matrix. A complete transport model must therefore account for multispecies
physical and biochemical transport processes. The transport processes can be de-
scribed by means of a mass balance equation for each species of interest, which
becomes a partial differential equation for transient problem and an ordinary dif-
ferential equation for a steady state problem. According to Yeh and Tripathi (1989),
the important steps in developing a contaminant transport with chemical reactions
are to first select the variables for the transport equations which are dependent
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on chemical reactions and then select the solution algorithm for the transport and
chemical reaction equations.

3.1. FLUID FLOW MODEL

The governing equation for flow in saturated and unsaturated anisotropic porous
media can be written as (Freeze and Cherry, 1979)

Ss
∂h

∂t
= ∂

∂xi

(
Kij

∂h

∂xj

)
(saturated flow) (1)

C(ψ)
∂ψ

∂t
= ∂

∂xi

(
Kij (ψ)

∂ψ

∂xj

)
+ ∂

∂x3
(Ki3(ψ)) (unsaturated flow) (2)

where t is time (T), xi are Cartesian coordinates (L), h is the hydraulic head (L),
ψ is the pressure head (L), Kij is the hydraulic conductivity tensor (L/T), Ss is the
coefficient of specific storativity (1/L), and C(ψ) is the specific moisture capacity
= dθ /dψ , where θ is the moisture content .

3.1.1. Numerical Solution of Fluid Flow Model

The distribution of head and velocity field can be computed explicitly for very
simple flow system, for complex flow system a numerical technique has to be
used to solve the flow equation. For one dimensional steady state flow systems,
velocity profiles can be simply calculated from Darcy’s equation. If the changes in
solute concentration do not affect the flow field, the flow and transport equations
are uncoupled and a simultaneous solution is not required. But if the hydraulic
conductivity of the media is changed due to chemical and biological process dur-
ing contaminant transport, it is necessary to iterate between the fluid flow model
and the contaminant transport model. The fluid flow equation is coupled with
the contaminant transport equation through Darcy’s equation, flow velocity in the
advective term and the dependence of dispersion on flow velocity in the dispers-
ive term. The main numerical approaches used are the finite difference method
(Konikow and Bredehoeft, 1974), the integrated finite difference method (Narasim-
han and Witherspoon, 1976), and the finite element method (Gray and Hoffman,
1983a). Different numerical solutions for saturated flow is describe by Huyakorn
and Pinder (1983). Rowe et al. (1995) described different numerical methods with
respect to landfill hydrology.

3.2. CONTAMINANT TRANSPORT MODEL

The general form of contaminant transport equation for the mobile components in
the aqueous phase is (Bear, 1979)

∂

∂t
(θC)− ∂

∂xi

(
θDij

∂C

∂xj

)
+ ∂

∂xi
(θνiC) = θR, (3)
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where

νi = qi

θ
= −Kij

θ

∂h

∂xi
(4)

and νi is average pore fluid velocity (L/T), qi is Darcy velocity (L/T),Dij is the hy-
drodynamic dispersion tensor (L2/T), θ is the moisture content (dimensionless) and
R is the chemical source/sink term (M/L3/T) representing the changes in aqueous
component concentrations. The hydrodynamic dispersion is the sum of mechanical
dispersion and molecular diffusion. Mechanical dispersion is expressed as αiνi ,
where αi is the dispersivity in the i direction (L).

3.2.1. Numerical Solution of Contaminant Transport Model

The contaminant transport model can be solved by either analytical or numerical
methods. Analytical solutions of advection–dispersion equations for one, two, and
three dimensional flow field under different boundary conditions can be found in
van Genuchten and Alves (1982), Huyakorn et al. (1987), and Fetter (1993). The
main numerical methods used for solution of contaminant transport model are the
finite difference method (Kinzelbach et al., 1991; Engesgaard and Kip, 1992), the
integral finite difference method (Narasimhan et al., 1986; Steefel and Lasaga,
1994), and the finite element method (Rubin and James, 1973; Yeh and Tripathi,
1991). For reactive transport modeling, an upwind or upstream scheme is often
used to avoid spurious oscillations in the vicinity of the front, which may provide
negative concentration values (Kinzelbach et al., 1991; Engesgaard and Kip, 1992).

To avoid the above oscillations large numbers of alternating numerical scheme
have been proposed. Daus and Frind (1985), Frind and Germain (1986), and Frind
and Hokkanen (1987) used alternating direction Galerkin technique for high de-
gree of spatial resolution. Cheng et al. (1984), Molz et al. (1986), and Clement
et al. (1996a) used a two-stage Eulerian–Lagrangian approach which is devoid of
oscillations or numerical dispersion for larger Peclet numbers (Widdowson et al.,
1988). Huyakorn et al. (1993) and Kool et al. (1994) used a Laplace-Transform-
Galerkin technique developed by Sudicky (1989) that is limited to linear adsorption
and steady flow fields. Rowe and Booker (1985a,b, 1986) have proposed a finite
layer technique using a Laplace and a Fourier transform of the governing equations
for modeling contaminant transport for 1D, 2D or 3D conditions. These techniques
are however limited to simple geometry and flow pattern of uniform properties.

3.3. EQUILIBRIUM REACTION MODEL

Two different approaches (kinetic and equilibrium based) are used to model the
distribution of chemical species. For a chemical system at equilibrium, the ion
association equilibrium-constant approach or Gibbs free energy approach is used
to represent the geochemical equilibrium reactions (Stumm and Morgan, 1996).
Gibbs free energy approach is based on the direct minimisation of the total Gibbs
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free energy of a given set of species subject to constraints of mass balance equa-
tions. The equilibrium approach is based on the solution of a set of nonlinear
algebraic equations obtained from the mass action and mass balance equations
for the various components of the systems (Morel and Morgan, 1972, 1980; Reed,
1982). The nonlinear algebraic equations are solved by approximation methods to
give species distributions at equilibrium. In this approach equilibrium constants are
needed, whereas in the former approach free energy values are needed.

The concept of components and species as proposed by Westall et al. (1979) has
been used to model systems with different chemical reactions. Components are a
set of linearly independent chemical entities such that every species can be written
as the product of a reaction involving only the components, and no component can
be written in terms of components other than itself. For a given system, the set
of components is not unique, but once it has been defined, the representation of
species in terms of this set of components is unique. The number of components
is selected such that it is the minimum number of the set of species necessary to
describe the composition of all phases and species in the chemical system (Reed,
1982). Rubin (1983) introduced the concept of tenads in chemical reactions, a
reacting or nonreacting chemical entity whose global mass in the system is reaction
independent or reaction invariant.

The chemical equilibrium reaction system is described by a set of nonlinear al-
gebraic equations based on equilibrium constants embedded in mass balance equa-
tions for the various components of the system. The concentrations of aqueous,
adsorbed and precipitated species are calculated from the mass action laws. A
precipitate is formed only when the solution is supersaturated with respect to the
components for that precipitate. Dissolution occurs when the solution is undersat-
urated. If a species is precipitated in the solution, the solubility product equation
is added to the system of equations to solve the unknown precipitated species.
Similarly, when a precipitated species is completely dissolved in the solution, the
solubility product equation is removed from the system of equations.

Most chemical reaction models include a component or a master variable or
a tenad and a mass balance equation for each element other than H and O. This
leaves three equations which are referred to as mass balance on H2, mass balance
on O2 and charge balance. The choice of these three remaining equations for the
components or master variables that are associated with them distinguish the vari-
ous aqueous chemical reaction models (Plummer et al., 1983). Nordstorm et al.
(1979), Sposito (1984), Mangold and Tsang (1991), and Mattigod and Zachara
(1996) reviewed and compared a number of computerised geochemical models
for equilibrium calculations in aqueous systems. The hydrogen ion concentration
is calculated by using either the requirement of electroneutrality (PHREEQE by
Parkhaurst et al., 1980; Walsh et al., 1984) or proton condition (MINTEQA2 by
Allison et al., 1991; Yeh and Tripathi, 1991). In coupling the hydrological transport
and chemical equilibrium, it is preferable to use the proton condition approach (Yeh
and Tripathi, 1989). Redox reactions are considered mathematically equivalent to
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complexation reactions for equilibrium computations when the electrons are incor-
porated as components in the chemical reactions. The mass conservation of oxygen
is replaced by conservation of electrons. Dissolved oxygen can be treated simply
as a complexed species as follows:

O2 ⇔ 2H2O − 4H+ − 4e−. (5)

The three basic mathematical forms of adsorption reaction models, namely, iso-
therm, ion exchange, and surface complexation/electrostatic models have been in-
corporated in many computerised chemical reaction models (Mangold and Tsang,
1991). The empirical distribution coefficient Kd approach has yielded limited suc-
cess in subsurface modeling because Kd values can vary throughout the simulation
as geochemical conditions change in time during solute transport (Reardon, 1981;
Miller and Benson, 1983; Yeh and Tripathi, 1991; Davis et al., 1998). Weber et al.
(1991) classified isotherm models as phenomenological models and ion exchange,
surface complexation and hydrophobic sorption models as mechanistic models.
The phenomenological models may describe sorption behaviour for a specific set
of conditions but may fail to do so when the system conditions change. Mechan-
istic models can provide insights into mechanisms controlling sorption reactions,
and thus aid in the analysis of anticipated system responses to changes in critical
conditions.

General reviews on different adsorption models are available in the literature
(Sposito, 1984; Weber et al., 1991; Goldberg, 1995). Davis and Kent (1990) and
Davis et al. (1998) gave a detailed discussion on the adsorption of metals and
metal-ligand complexation on soils. Wen et al. (1998) described three common
surface complexation models (constant capacitance model, diffuse layer model,
and triple layer model) for heavy metal adsorption on natural sediments and found
that all three models described the adsorption behaviour of the natural sediment
well. Fein et al. (1997) and Warren and Ferris (1998) described chemical equi-
librium model for the adsorption and precipitation of metals on bacterial surfaces
using surface complexation and surface precipitation theory.

3.3.1. Numerical Solution of Equilibrium Model

Typically, the nonlinear algebraic equations are solved using the Newton–Raphson
method (PHREEQE by Parkhurst et al., 1980; GEOCHEM by Sposito and Mat-
tigod, 1980; MINTEQA2 by Allison et al., 1991). Yeh and Tripathi (1991) pro-
posed a split scheme that is very effective in the case of redox reactions where the
Newton–Raphson solution often fails to converge. In this split scheme, the mole
balance equation for the operational electron is solved for the electron activity
with a modified bisection method (Forsythe et al., 1977) while all other mole
balance equations are solved simultaneously with the Newton–Raphson method.
Zyssset et al. (1994a) used a Newton–Raphson iteration to determine the primary
unknowns (activities of the components and the concentrations of the precipitated
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species) and a Picard iteration for the secondary unknowns (activity coefficients
and the concentrations of all other species).

3.4. KINETIC REACTION MODEL

If the reactions are insufficiently fast due to chemical kinetics and/or mass diffu-
sional processes relative to the macroscopic transport processes affecting solute
concentration (e.g., advection, hydrodynamic dispersion), the local equilibrium as-
sumptions (LEA) can not be made. Valocchi (1985) and Skopp (1986) reviewed a
number of studies in which solute transport predicted using LEA models were un-
successful. James and Rubin (1979) carried out a series of soil column experiments
and concluded that LEA can not be applicable when the dispersion coefficient is
significantly larger than the diffusion coefficient. In such cases kinetic reaction
models must be used.

3.4.1. Kinetic Adsorption Model

In case of first-order reversible sorption reaction, the rate of reaction for the sorbed
component S may be written as (Brusseau and Rao, 1989)

∂S

∂t
= kf

n

ρ
C − krS, (6)

where kf and kr are the forward and reverse rate coefficients (1/T) respectively,
n is the soil porosity, and ρ is the dry bulk density of soil (M/L3). A number of
other kinetic models have also been proposed to predict the non-equilibrium be-
haviour. These kinetic sorption models are divided into two groups: physical non-
equilibrium and chemical non-equilibrium models depending upon which mechan-
ism is hypothesised as being the rate-limiting step responsible for non-equilibrium
sorption (Travis and Etner, 1981; Abriola, 1987; Brusseau and Rao, 1989). Physical
non-equilibrium sorption is assumed to be a result of mass transfer between two
regions – a mobile and a stagnant or immobile region. Advective–dispersive solute
transport is assumed to be limited to the mobile region, whereas solute transport in
the immobile region is assumed to occur only by diffusion. Solute transfer between
the mobile and immobile regions can be accounted for basically in either explicitly
with the use of Fick’s law to describe the physical mechanism of diffusive mass
transfer or with the use of an empirical first-order mass transfer expression to
approximate solute transfer (Brusseau and Rao, 1989). Chemical non-equilibrium
sorption is assumed to be the result of a time-dependent sorption reaction at the
sorbent surface. The sorbent is hypothesised as having two classes of sorption sites,
where sorption is instantaneous for one class and is rate-limited for the other (so-
called two-site model). Sorption on the kinetics-controlled class is described by
a first-order rate equation, while the other class is represented by an equilibrium
isotherm equation.
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3.4.2. Kinetic Precipitation Model

In groundwater the processes controlling the rates of mineral precipitation/disso-
lution include mass transport, diffusion control, and surface-reaction control
(Langmuir, 1997). The overall kinetics of precipitation/dissolution reactions may
involve several successive elementary reaction steps; in simple cases the slowest
reaction is the rate-determining step. A general kinetic rate expression for the jth
dissolved component of the solid is (Smith and Jaffé, 1998)

∂Cj s

∂t
= aj,sks


 Ns∏
j=1

[uj ]aj,s −Ks
sp


 , (7)

where ks is the precipitation rate coefficient for solid S, Ns is the number of com-
ponents forming solid S, Cj is the dissolved concentration of component j, aj,s
is the stoichiometric coefficient of the j th component of solid S, and Ksp is the
equilibrium solubility product for solid S.

There is not much data on the kinetics of mineral precipitation or dissolution
in the literature. Table II shows the kinetic rate equations for different minerals
in aqueous solution. All of these kinetic studies were conducted in clean aqueous
system. In natural system, the precipitation–dissolution reactions can be chemically
inhibited by adsorbed organic compounds or inorganic ions, which block reactive
surface areas. Precipitation of calcite is completely inhibited when dissolved or-
ganic carbon (DOC) is 0.3 mM or greater and when DOC is � 0.05 mM calcite
precipitates by heterogeneous nucleation instead of crystal growth and the rate
is independent of calcite surface area and dependent on the DOC concentration
(Lebron and Suarez, 1996). Dust particles, clay minerals, bacteria and other entit-
ies in the natural environment may act as active sites to initiate precipitation by
heterogeneous nucleation.

3.4.3. Kinetic Biodegradation Model

Three conceptual methods exist for mathematical modeling of bacterial growth and
biologically reacting solute transport in saturated porous media – the strictly mac-
roscopic, discrete microcolony, and continuous biofilm approaches (Baveye and
Valocchi, 1989). The strictly macroscopic approach assumes no particular biomass
configuration and the bacteria are assumed to respond to the macroscopic bulk fluid
substrate concentration (see Corapcioglu and Haridas, 1984; Borden and Bedient,
1986; Kindred and Celia, 1989; MacQuarrie et al., 1990; Clement et al., 1996a).
The microcolony approach assumes the microorganisms grow in small discrete
microcolonies attached to particle surfaces, and diffusional mass transport through
the immobile water phase (see Molz et al., 1986; Widdowson et al., 1988; Chen
et al., 1992; Kinzelbach et al., 1991; Lensing et al., 1994). The biofilm approach
assumes that the microorganism form a continuous layer covering the entire surface
of the porous media and considers diffusional mass transport between aqueous
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phase and bacteria within the biofilm (see Rittmann and McCarty, 1980; Rittmann
et al., 1980; Bouwer and Cobb, 1987; Taylor and Jaffé, 1990; Zysset et al., 1994b).
The macroscopic approach does not make any unwarranted assumption concerning
the spatial distribution of the biomass (Baveye and Valocchi, 1989). However, to
investigate the effects of bacterial growth on groundwater flow, it may be essential
to apply the microcolony or biofilm approach.

Yates and Yates (1988) and De Blanc et al. (1996) gave a comprehensive re-
view of modeling bacterial growth and biodegradation kinetics in the subsurface
environment. Modeling geochemical interactions between organic biodegradation
and inorganic species is a current research topic. Lensing et al. (1994), Zysset
et al. (1994b), McNab and Narasimhan (1994, 1995), Rittmann and Van Briesen
(1996), Hunter et al. (1998), Salvage and Yeh (1998), Tebes-Stevens et al. (1998),
Van Breukelen et al. (1998), and Schäfer et al. (1998) described the development
of reactive solute transport coupling organic biodegradation kinetics and the local
inorganic geochemistry.

Assuming macroscopic approach, that is, absence of diffusional resistance, bio-
degradation of the substrate and microbial growth can be represented by the fol-
lowing system of equations (Clement et al., 1996a):

∂S

∂t
= −µmax

Y

S

Ks + S

Cea

Kea + Cea

(
Xa + ρXs

n

)
, (8)

∂Xa

∂t
= µmax

S

Ks + S

Cea

Kea + Cea
Xa −KdecX

a −KattX
a + ρKdetX

s

n
, (9)

∂Xs

∂t
= µmax

S

Ks + S

Cea

Kea + Cea
Xs −KdecX

s −KdetX
s + nKattX

a

ρ
, (10)

where S is the substrate concentration in the bulk (mobile) fluid (M/L3), Xa is
the aqueous-phase biomass concentration (M/L3), Xs is the solid-phase biomass
concentration (M/M),Cea is the concentration of terminal electron acceptor (M/L3),
Kdec is the first-order endogenous decay coefficient (1/T), Katt is the biomass at-
tachment coefficient (1/T), Kdet is the biomass detachment coefficient (1/T), µmax

is the maximum specific growth rate of the biomass (1/T), Y is the yield coefficient
for the biomass (cell mass produced per mass of substrate consumed), and Ks and
Kea are the saturation constant for substrate and electron acceptor (M/L3), defined
as the concentration for which the specific growth rate is equal to µmax/2.

3.4.4. Numerical Solution of Kinetic Model

The mathematical formulation of the kinetic reactions leads to a nonlinear sys-
tem of ordinary differential equations, which may be stiff due to its numerical
behaviour. There are several methods for solving system of ordinary differential
equations. Kinzelbach et al. (1991) and Schäfer et al. (1998) used Gear method
(Gear, 1971) for the solution of kinetic biodegradation model. Zysset et al. (1994a,
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1994b) used an iterative predictor-corrector scheme introduced by Young and Boris
(1977) for the solution of kinetic reversible adsorption and biodegradation model.
Clement et al. (1996a) and Van Breukelen et al. (1998) used the fourth-order
Runge–Kutta method for solving the set of kinetic biodegradation equations. A
number of ODE (ordinary differential equation) solvers are now available which
can solve the stiff systems of ordinary differential equations. Steefel and MacQuar-
rie (1996) gave a list of available packages for solving sets of ordinary differential
equations and differential algebraic equations (those consisting of both kinetic and
equilibrium reactions). Clement et al. (1998) used LSODEA differential equation
solver (Hindmarsh and Petzold, 1995) for solving the kinetic reaction equations in
RT3D model. Borden and Bedient (1986) used an adaptive time step solver for stiff
equations CSMP III (IBM, 1976) for solving the set of kinetic equations.

3.5. PERMEABILITY REDUCTION MODEL

Precipitation of solids and bacterial growth can affect the porosity and permeability
of the medium. To develop a ‘fully coupled’ model of reactive solute transport we
must consider temporal changes in porosity and permeability, and how they in turn
can modify subsurface flow. This is sometimes referred to as ‘feedback’ coup-
ling. The porosity changes caused by chemical precipitation or bacterial growth
can be related to precipitated or biomass volume. The permeability change as-
sociated with this change in porosity is a complex problem because the porosity–
permeability correlation depend on many geometric factors such as pore size distri-
bution, pore shapes, and connectivity (Verma and Pruess, 1988). The relationship
between porosity (as well as other geometrical properties of a porous medium)
and permeability is a fundamental area of study in hydrogeology. Many different
modeling approaches for the treatment of single-phase permeability have been
described in the literature. The simplest model of the relation between permeab-
ility and pore-level properties is the Kozeny–Carman equation. This equation has
historically been used to explain the fundamental causes of permeability because it
provides a link between media attributes and flow resistance.

Since its inception, the Kozeny–Carman model has had many modifications to
improve the estimation of permeability. Recently, Panda and Lake (1994) proposed
a modified Kozeny–Carman model to estimate the single-phase permeability of a
permeable medium from the bulk physical properties of the interconnected pore
system (e.g., porosity and tortuosity) and the statistics of its particle size distribu-
tion. Steefel and Lasaga (1990) used the Kozeny–Carman equation where porosity
is modeled as a bundle of capillary tubes of equal length. In general, however,
this model is only applicable to simple granular materials (Bear, 1972), and can
be very inaccurate for more complex media. Verma and Pruess (1988) used ideal-
ised models of porous media to correlate the relative changes in permeability to
the relative changes in porosity caused by mineral redistribution. Their geometric
model considers the medium as a set of non-intersecting flow channels of varying
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cross-sectional shape. Weir and White (1996) developed a theoretical model of
permeability and porosity changes resulting from surface deposition or dissolution
in an initial rhombohedral array of uniform spheres. They found at late times an
approximately quadratic dependence between relative changes in permeability and
porosity preceded by an initial rapid reduction in permeability.

Taylor et al. (1990) proposed a number of models on the basis of Kozeny–
Carman equation and ‘cut-and-random-rejoin’ approach introduced by Childs and
Collis-George (1950). Clement et al. (1996b) developed analytical equations based
on macroscopic approach to model changes in porosity, specific surface area, and
permeability caused by biomass accumulation in porous media. Vandevivere et al.
(1995) evaluated a number of existing mathematical models and suggested that
none of the existing models could predict satisfactorily the saturated permeability
reductions observed in fine sands, whereas they are somewhat better in coarser ma-
terials. It is argued that this inadequacy of existing models is due to the continuous
biofilm assumption on which they are founded.

3.6. COUPLING THE REACTION AND TRANSPORT MODEL

Two main solution methods have been proposed to solve the coupled set of equa-
tions. In the one-step method, transport and biochemical reaction equations are
solved simultaneously (Rubin and James, 1973; Valocchi et al., 1981; Jennings
et al., 1982; Miller and Benson, 1983; Lichtner, 1985; Steefel and Lasaga, 1994;
Shen and Nikolaidis, 1997; García-Delgado and Koussis, 1997). In the two-step
method, the transport equations are separated from the biochemical reaction equa-
tions and solved sequentially at each time step, with or without iterations in between
(Grove and Wood, 1979; Walsh et al., 1984; Kirkner et al., 1985; Cederberg et al.,
1985; Bryant et al., 1986; Kinzelbach et al., 1991; Schäfer et al., 1998; Salvage
and Yeh, 1998; Tebes-Stevens et al., 1998). The one-step method is generally more
complicated to formulate than the two-step procedure and models can not be easily
modified to deal with mixed kinetic and equilibrium reactions. These models are
not suitable for addressing realistic two- and three-dimensional problems. Two-
step methods enable the use of appropriate numerical methods for the transport
and the chemical model part separately and is favourable in terms of computer cost
and flexibility for complex systems.

Sequential iterative approach (SIA), of two-step methods are implemented in
different ways by different researchers. In the sequential non-iterative approach
(SNIA), also called the operator splitting or time splitting approach, a transport
step is followed by a reaction step using the transported concentrations in each
time step. This method is used in mixing cell models (Schultz and Reardon, 1983;
Appelo and Willemsen, 1987). McNab and Narasimhan (1994, 1995) used SNIA
for modeling geochemical interactions between organic and inorganic species. En-
gesgaard and Kip (1992) and Walter et al. (1994) demonstrated the SIA and SNIA
for test cases. The results show that SNIA compares favorably to SIA. Walter
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et al. (1994) recommended that for cases conforming to the local equilibrium
assumption, two-step sequential non-iterative approach can be used efficiently to
simulate hydrogeological systems with realistic aquifer properties and boundary
conditions under complex geochemical conditions. Recently, Tebes-Stevens et al.
(1998) used an alternative sequential iterative approach (SIA-1) which improves
the convergence behaviour of the traditional SIA through the inclusion of an addi-
tional first-order term from the Taylor Series expansion of the kinetic reaction rate
expressions. The use of SIA-1 method results in a significant reduction in the CPU
time.

Another alternating operator splitting method referred to as Strang splitting
proposed by Strang (1968) has been used by Zysset et al. (1994a) in modeling
of chemically reactive groundwater transport. In this method the reaction step
is centred between two transport steps, that is, in each time step transport over
�t/2, reaction over�t , and transport over�t/2 are computed. Zysset and Stauffer
(1992) compared SIA, SNIA and Strang sequence scheme to an analytical solution
in a test case and concluded that an iterative method does not necessarily achieve
higher accuracy though it requires more computer time than the Strang sequence
scheme. Valocchi and Malmstead (1992) used a slightly different scheme, two
reaction steps of �t/2 in between two transport steps of �t/2, and found operator
splitting error of O(�t2) for the case of radioactive decay. Harzer and Kinzelbach
(1989) and Barry et al. (1996) presented discretisation errors in two-step methods
for different types of reactions. It was shown that maximum errors arise in the
case of heterogeneous equilibrium reactions and the truncation error leads to the
introduction of additional numerical dispersion, proportional to �t (Harzer and
Kinzelbach, 1989). Either small time steps or iteration between the two sets of
equations must be applied to obtain accurate solutions.

The truncation error analysis by Barry et al. (1996) shows that Strang split-
operator method leads to increased error (first order in time) for the equilibrium
reaction (linear retardation), but for radioactive decay and linear interphase mass
transfer model it is second-order accurate in the temporal discretisation. Steefel
and MacQuarrie (1996) presented numerical comparisons for different types of
coupling schemes. It was shown that in case of realistic one-dimensional problem
involving Monod kinetic reactions, the Strang splitting approach is computation-
ally more efficient than the SIA method, but for equilibrium adsorption reactions
(whether linear or nonlinear) the SIA method appears to be more efficient, although
convergence difficulties in some problems may make it harder to use.

4. Biogeochemical Models

This section reviews the different biogeochemical transport models reported in the
literature to simulate the transport of landfill leachate in subsurface soil systems.
The section is divided into two subsections, the first section focuses on chemical
speciation modeling for closed system, and the second on solute transport models
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coupled with biochemical reaction models for open system. The present paper does
not review the moisture flow and gas transport models in landfills. A number of
moisture flow model have been developed to simulate leachate flow and transport
processes in a landfill (Straub and Lynch, 1982; Schroeder et al., 1984; Demetraco-
poulos et al., 1986; Lu and Bai, 1991; Khanbilvardi et al., 1995). A comprehensive
review on gas simulation models for landfills is given by El-Fadel et al. (1997).

4.1. CHEMICAL SPECIATION MODELING

Many studies have used geochemical speciation models to calculate the speci-
ation of metals with respect to inorganic and organic complexes. Jensen et al.
(1998) used geochemical speciation model MINTEQA2 to calculate the distri-
bution of dissolved Fe(II) and Mn(II) among aqueous species in the leachate-
contaminated groundwater and showed that model results were consistent with
the experimental ion-exchange speciation results. MINTEQA2 model speciation
predicted that Fe(II) and Mn(II) in the dissolved fraction in the leachate-polluted
groundwater were primarily as free divalent ions (about 80%), and about 20% Fe
(II) and Mn(II) were present as bicarbonate complexes. MINTEQA2 calculations
indicated only negligible complexation with dissolved organic matter for Mn(II)
(< 5%).

Calculations with MINTEQA2 indicated that the leachate-polluted groundwa-
ter samples were strongly supersaturated with respect to siderite (FeCO3) and
moderately supersaturated with respect to rhodochrosite (MnCO3) (Jensen et al.,
1998). Supersaturation of carbonate minerals persists possibly because of slow
precipitation kinetics and/or inhibited by complexation of cations with organic
ligands in solution. MINTEQA2 calculations by Bjerg et al. (1995) in landfill
pollution plume also indicated supersaturation with respect to FeS (mackinaw-
ite/monosulfide), FeCO3, CaCO3 (calcite), CaMg(CO3)2 (dolomite), and MnCO3

at the border of the landfill to a distance of around 60–90 m from the landfill.
Gounaris et al. (1993) also used geochemical speciation model MINTEQA2 to
calculate the possible precipitates in landfill leachate. Geochemical model calcula-
tions suggested that the inorganic components of the colloids were predominantly
carbonate and phosphate precipitates. Magnesium was mostly dissolved, while iron
and calcium were found in colloidal fractions and the dissolved phase.

Barker et al. (1986) used the geochemical speciation model GEOCHEM to
evaluate the possible importance of organic complexation in speciation of Fe and
other cations in landfill leachate-polluted groundwater. A mixture of simple or-
ganic compounds already in the GEOCHEM thermodynamic database represented
the measured dissolved organic carbon (DOC). Even though the leachate-polluted
groundwaters were rich in Fe and Mn and in DOC, little organic complexing of
these metals was predicted by the model calculations. Much of the Ni and signi-
ficant proportion of Cd and Zn were organically bound. Batch sorption studies by
Christensen et al. (1996) showed that although DOC formed complexes with Cd,
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Ni and Zn, the migration velocity of the metals were still be very low (< 1.2% of
the water migration velocity). In earlier studies, Pease and Adrian (1978) found
the extent of organic complexation of iron to be too small to alter significantly
the chemical reactivity of the metal species in landfill leachate, whereas Knox and
Jones (1979) found significant complexation of cadmium by organic components
of landfill leachate.

Recent studies by Christensen et al. (1999) found that at low DOC concen-
trations (40 mg/l) in a leachate-polluted groundwater more than 85% of the Cu
and Pb in solution were bound in DOC complexes, and at higher concentrations
(> 60 mg/l) at least 90% of the Cu and Pb were bound in DOC complexes. The
MINTEQA2 model and its default database provided excellent predictions of Cu
and Pb complexation by DOC compared to the experimental results. Adjusting the
default Cu and Pb binding constants for fulvic acids in the WHAM model (Tip-
ping, 1994) database, good agreement was obtained between model predictions
and experimental results.

4.2. LEACHATE TRANSPORT MODELING

Pickens and Lennox (1976), Gureghian et al. (1981), and Gray and Hoffman
(1983a,b) applied a two-dimensional solute transport model to simulate the tran-
sient movement of landfill leachate in saturated groundwater flow. The numerical
formulations of these models were based on the Galerkin finite element technique.
A linear equilibrium sorption equation was used by Pickens and Lennox (1976) to
describe the retardation of the movement of contaminants in soils. Because of lack
of observed reliable water quality data, sensitivity tests were run to determine how
errors in boundary condition specification, pumping rates, permeability, porosity,
dispersivity, and distribution coefficient affect computed results.

A number of numerical model studies have been carried out to simulate flow
and contaminant migration in groundwater at the Canadian Forces Base Borden
landfill near Toronto (Sykes et al., 1982a,b; Dance and Reardon, 1983; Schulz
and Reardon, 1983; Frind and Hokkanen, 1987). A three-dimensional finite differ-
ence model was used by Sykes et al. (1982a) to demonstrate the use of model in
synthesis, interpretation, and simulation of contaminant transport systems. An av-
erage annual leachate volume was used in the simulation. Sensitivity runs indicated
that seasonal effects were of importance. Frind and Hokkanen (1987) used a two-
dimensional finite element model to simulate the evolution of chloride plume at
the Borden landfill. To handle the high-resolution grid that was necessary because
of the large contrasts between longitudinal and transverse vertical dispersivity, the
alternating direction Galerkin technique was used. A time-varying source concen-
tration function satisfactorily reproduced concentration peaks that were observed
in the field.

Sykes et al. (1982b) used a two-dimensional Galerkin finite element model to
simulate the migration of leachate organic as chemical oxygen demand in ground-
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water below the Borden landfill. Simultaneous Michaelis–Menten substrate util-
ization and microbial mass production equations were used for modeling of bio-
degradation. For substrate concentration less than 25% of the half utilization rate
coefficient and for microbial populations approaching a steady state the Michaelis–
Menten equations are reduced to a first-order reaction kinetic model. Due to bac-
terial growth and active gas production, an effective porosity of 0.25 was used for
the Michaelis–Menten zone and a value of 0.40 for the remaining spatial domain.
Model results indicated substantial removal of leachate organics (90%) within short
distance (2 m) of the landfill even under the conditions of widely varying biological
parameters.

A one-dimensional mixing-cell model coupled to the chemical equilibrium sub-
routine for complexation, ion exchange, and calcite precipitation/dissolution reac-
tions was developed by Dance and Reardon (1983) to simulate the results of the
natural-gradient tracer test at the Borden landfill site. Model results for the distri-
bution of Na+ and K+ due to release of Ca2+ from exchange sites provided good
agreement with those from field experiments. However, the model showed poor
agreement for Mg2+ concentration profile. The model predicted Na+ to be slightly
retarded and K+ to be strongly retarded with respect to chloride ion. Schulz and
Reardon (1983) used a combined two-dimensional mixing cell/analytical model
to describe multiple reactive solute transport in unidirectional groundwater flow
regimes. The application of the model to simulate the field injection experiment
yielded results in reasonable agreement with field observations.

Bütow et al. (1989) used a geochemical equilibrium code MINEQL and a two-
dimensional finite difference transport code FAST to model the transport of leachate
from an abandoned landfill site. The two codes were linked by elemental dis-
tribution coefficients (Kd) calculated by MINEQL and used by FAST to model
transport of leachate. Sorption was taken into account according to a simple surface
complexation model. Three steps were carried out: Cl− was used to calibrate para-
meters of the transport code, Na+ to check the calibration and Ni2+ to characterize
the maximal spreading of toxic heavy metals. Sensitivity analysis with numerical
model showed that within the usual range of parameters no considerable increase
of concentration can be expected in a distance of more than 2500 m from the
landfill.

A conceptual colloids-metal transport model (COMET) was developed by Mills
et al. (1991) and incorporated into EPA’s CML model that simulates the solute
migration from a landfill in the unsaturated zone to a receptor (i.e., drinking-water
well) in the saturated zone. Solute transport is simulated using one-dimensional
transport equations in the unsaturated zone and three-dimensional transport equa-
tions in the saturated zone. By using the principle of flux conservation, the unsatur-
ated and saturated zone solutions are linked in a mixing zone directly beneath the
waste facility. The model equations are solved using quasi-analytical techniques.
The simulation results indicate that mobile phase metal concentrations (dissolved
concentration plus concentration adsorbed to mobile colloids) increase as colloid
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concentrations increase, and arrival times of soluble metal species to stationary
receptors decrease.

A composite modeling approach was presented by Kool et al. (1994) for simu-
lating the three-dimensional subsurface transport of contaminants from land waste
disposal sites. The approach was based on one-dimensional vertical infiltration and
contaminant transport in the unsaturated zone and 3-D groundwater flow and con-
taminant transport in the saturated zone. The coupling between the unsaturated-
and saturated-zone submodels was at the water table based on continuity of wa-
ter and solute flux. The unsaturated-zone transport equation was solved analytic-
ally for linear sorption but in case of nonlinear sorption a fully numerical finite
element method was employed. The saturated-zone transport equation with lin-
ear sorption was solved numerically using the Laplace transform–Galerkin tech-
nique, in case of nonlinear sorption a standard Galerkin finite element numerical
technique was used. Model formulations and solution schemes were verified by
comparison against a fully 3-D variably saturated flow and transport code for a
non-degrading, non-sorbing contaminant leaching from a hypothetical landfill. Ap-
plication of the model to a controlled release field experiment showed reasonable
agreement between model predictions and groundwater monitoring results.

Wu and Li (1998) used a multicomponent reactive solute transport model to
study the migration of four heavy metals (Cd2+, Pb2+, Cu2+, and Zn2+) and other
major chemical species in a sand/bentonite clay barrier. Numerical results indicate
that under a nearly neutral leachate, the mobility of four heavy metals follows
the order Cu2+>Zn2+>Pb2+>Cd2+. The mobility of Cd2+ and Pb2+ is greatly
retarded by mostly because of the precipitation of CdCO3 and PbCO3, but the
migration of Cu2+ and Zn2+ is only retarded by cation exchange. For a more
acidic leachate, the mobility order changes to Cd2+>Zn2+>Cu2+>Pb2+. Cation
exchange is the only factor retarding the migration of the heavy metals under acidic
leachate. The leachate pH has a significant effect on the migration of Cd2+ and
Pb2+, but has only limited effect on the mobility of Cu2+ and Zn2+.

Rowe and Booker (1990) developed a one-dimensional finite layer contaminant
transport model POLLUTE in soils which was used in a number of studies for po-
tential contaminant impact assessment of an engineered landfill on the underlying
aquifer. Contaminant transport through both fractured and unfractured soils can be
modeled. Both linear and nonlinear sorption, and radioactive (or other first-order)
decay can be considered. Rowe and Fraser (1993a) showed that size of the landfill
and the infiltration rate through the cover have a substantial impact on the peak
concentrations of contaminants released from the landfill and the required service
life of the leachate collection systems. Rowe (1991) discussed the potential impact
of fracturing of soil beneath a landfill. Rowe and Fraser (1993b) examined the
effects of four barrier designs on the peak contaminant concentration for a range
of aquifer heads. A site where the aquifer head is above the base of the landfill was
shown to provide a better barrier to contaminant migration. Rowe et al. (1996)
illustrated the impact of chloride and dichloromethane for two barrier systems
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using the values of diffusion coefficients determined from experiments. A design
for composite liners involving a geomembrane, compacted clay and a minimum
geologic barrier was performed very well.

Rowe et al. (1997b) developed a model for predicting the rate of clogging of
leachate collection systems caused by biological growth and biochemically driven
precipitation. The model used a time marching algorithm to model the evolution
of the influent and effluent organic concentration, biofilm thickness, inert biofilm
plus mineral (CaCO3) film thickness and porosity at any position or time. A linear
relationship between COD and CaCO3 precipitation was used to calculate the rate
of mineral precipitation of CaCO3. The non-steady state biofilm growth and loss
algorithm was combined with equations to model the change in the porosity and
specific surface as the biofilm and mineral film grow, mass balance equations and
shearing equations. The model was developed to simulate both one-dimensional
column tests and drainage layers where there is two-dimensional flow.

5. The Composite Model

Models for leachate transport in soils must include the various physical, chemical
and biological processes that affect the eventual concentration of pollutants in soils
and groundwater. The flow and transport of leachate leaking from landfill in the
unsaturated zone can be assumed one-dimensional downward direction only. This
assumption will minimize the estimated unsaturated-zone residence time and there-
fore lead to conservative assessments of eventual groundwater impacts (Kool et al.,
1994). For unsaturated contaminant transport Rowe (1987) recommends a simpler
analysis that assumes the soil be saturated to estimate the design contamination
based on the worst case. In the vicinity of the waste source, although non-uniform
groundwater flow requires 3-D flow and transport solutions but fairly accurate ap-
proximations of the contaminant plume in the saturated zone can be obtained for
many cases when the effect of horizontal transverse flow is ignored (Kool et al.,
1994). A two-dimensional vertical cross-section flow and transport representation
is most appropriate when the areal extent of the waste disposal facility is large and
a thick saturated zone underlies it.

The microbial sequences of redox reaction downgradient of a landfill are ana-
logous to that of the marine sediments (Baedecker and Back, 1979). There are
numerous models developed for diagenetic processes in sediments that include the
interactions between biodegradation and inorganic geochemical reactions (Dhakar
and Burdige, 1996; Wang and Van Cappellen, 1996; Park and Jaffé, 1996; Smith
and Jaffé, 1998). Several researchers used inhibition functions which suppress the
reduction of some terminal electron acceptors in the presence of others (Kindred
and Celia, 1989; Kinzelbach et al., 1991; Dhakar and Burdige, 1996, Schäfer et al.,
1998). Wang and Van Cappellen (1996) defined a set of limiting concentrations
for the successive external electron acceptors of the five respiratory pathways O2,
NO−

3 , Mn(IV), Fe(III), and SO−
4 . When the concentration of an external electron
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Table III. Limiting concentrations of terminal electron acceptors in respiration path-
ways (after, Van Cappellen and Wang, 1995)

Pathway Limiting reactant Limiting concentration Environment

Aerobic respiration Dissolved O2 1 – 10 µM Marine

Freshwater

Denitrification Dissolved NO3 50 – 80 µM Marine

4 – 20 µM Freshwater

Mn reduction Solid Mn(IV) 1 – 10 µmol/g Marine

Freshwater

Fe reduction Solid Fe(III) 1 – 50 µmol/g Marine

Freshwater

Sulfate reduction Dissolved SO4 1600 µM Marine

60 – 300 µM Freshwater

acceptor exceeds its limiting value, the rate of corresponding pathway is assumed
to be independent of the concentration of the electron acceptor. When the concen-
tration of the electron acceptor drops below its limiting value, the corresponding
rate decreases linearly with the oxidant concentration, and bacteria start utilizing
organic carbon oxidation pathways with a lower intrinsic energy yield. Table III
lists the ranges of the limiting concentrations reported for natural aquatic environ-
ment compiled by Van Cappellen and Wang (1995). This computational scheme
can be used to model overlap of redox zones downgradient of a landfill.

The geochemical equilibrium models such as MINTEQA2 or PHREEQE can
be coupled with the transport model for chemical speciation, acid-base reactions,
aqueous complexation, mineral precipitation–dissolution, oxidation–reduction, and
adsorption reactions. The microbially mediated sequence of reactions can be
modeled using multiple Monod-type expressions with different functional bac-
terial groups. For microbial mediated sequence of redox processes that are not
at equilibrium, the redox potential (pE) can be approximated to that of the domin-
ant redox couple (Morel and Hering, 1993). According to Park and Jaffé (1996),
redox potential (pE) can be estimated at each location of the domain based on the
concentrations of the dominant terminal electron acceptor and its corresponding
reduced species from the transport and kinetic biodegradation model. Together
with other computed species’ concentrations the estimated pE can then be used
in the chemical equilibrium model to calculate the equilibrium state towards which
the system should be driven (Smith and Jaffé, 1998). Precipitation can be allowed
to take place at any location for which the chemical equilibrium model predicts the
presence of that solid at equilibrium, and dissolution can be allowed for which the
chemical equilibrium model predicts the absence of that solid at equilibrium. Based
on the speciation calculation and specified rate expressions, rates of adsorption and
precipitation can be calculated. Finally the mass of each mineral phase of interest is
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Figure 1. A simple flow diagram for the sequential solution scheme of the composite model.

updated and the aqueous solutions are re-equilibrated with the geochemical equi-
librium model. A simple flow diagram of the sequential solution scheme of the
composite model is illustrated in Figure 1.

In reactive transport modelling, a good knowledge of biological reaction kin-
etics and stoichiometry is required for evaluating changes in the physical and
chemical properties of microbial environments. Microbial transformations may
produce or consume alkalinity, thereby initiating innumerable changes in solution
chemistry. Criddle et al. (1991) and Rittmann and Van Briesen (1996) gave a detail
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Table IV. The overall biodegradation reactions for different microbial pathways

Reactants converted to products

Aerobic respiration

CH2O + (1 − fs) O2 + 0.2fs NH+
4 0.2fs C5H7O2N + (1 − fs) H2CO∗

3 + 0.2fs H++
0.6fs H2O

Denitrification

CH2O + 0.8 (1 − fs) NO−
3 + 0.2fs 0.2fs C5H7O2N +(1 − fs) H2CO∗

3 + 0.4(1 − fs)N2+
NH+

4 + (0.8 − fs) H+ (0.4 + 0.2fs) H2O

Manganese reduction

CH2O +2(1 − fs) MnO2 + 0.2fs 0.2fs C5H7O2N +(1 − fs) H2CO∗
3 + 2(1 − fs)

NH+
4 + (4 − 4.2fs) H+ Mn2+ + (2 − 1.4fs) H2O

Iron reduction

CH2O +4(1 − fs) Fe(OH)3 + 0.2fs 0.2fs C5H7O2N +(1 − fs) H2CO∗
3 + 4(1 − fs)

NH+
4 + (8 − 8.2fs) H+ Fe2+ + (10 − 9.4fs) H2O

Sulphate reduction

CH2O +0.5(1 − fs) SO2−
4 + 0.2fs 0.2fs C5H7O2N +(1 − fs) H2CO∗

3 + 0.5

NH+
4 + (0.5 − 0.7fs) H+ (1 − fs) HS− + 0.6fs H2O

Methanogenic processes

CH2O +0.2fs NH+
4 + (0.5 − 1.1fs) 0.2fs C5H7O2N +0.5(1 − fs) H2CO∗

3 + 0.5(1 − fs)

H2O CH4 + 0.2fs H+

H2CO∗
3: dissolved CO2, CH4: methane, SO2−

4 : sulphate, HS−: hydrogen sulphide.

description on biological reaction kinetics and stoichiometry, and the pathways of
biotransformation. Table IV shows the overall biodegradation reaction of organic
matter expressed as CH2O in leachate for different microbial pathways. The overall
reaction R is given by the expression (Criddle et al., 1991)

R = Rd + feRa + fsRc, (11)

where Rd, Ra, and Rc are the half reaction for electron donor, acceptor, and bac-
terial cell synthesis respectively, fs is the fraction of electrons diverted for syn-
thesis, fe is the fraction of electrons used for energy generation, and fs + fe = 1.
Typical values of maximum fs for aerobic and anaerobic systems are given in
Table V. Typically, the volatile fatty acids were found to contribute over 90% of the
total organics in the high strength landfill leachate (Johansen and Carlsen, 1976;
Harmsen, 1983). The values of fs for fatty acids given in Table V can be used. If
yield data are available, values of maximum fs can be calculated from the following
relationship (Criddle et al., 1991):

fs(max) = Ym
md

mb
, (12)

where Ym is the maximum organism yield (mg organisms/mg substrate), md is
the electron equivalent mass of the electron donor (gm), and mb is the electron
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Table V. Typical values of maximum fs for bacterial
reactions (Criddle et al., 1991)

Electron donor Electron acceptor fs(max)

Carbohydrate O2 0.68

Carbohydrate NO−
3 0.60

Carbohydrate SO−
4 0.30

Carbohydrate CO2 0.28

Protein O2 0.64

Protein CO2 0.08

Fatty acid O2 0.55

Fatty acid NO−
3 0.45

Fatty acid SO−
4 0.06

Fatty acid CO2 0.05

Methanol O2 0.43

Methanol NO−
3 0.36

Methanol SO−
4 0.26

Methanol CO2 0.15

equivalent mass of biomass (5.65 gm when ammonia is the nitrogen source, and
4.04 gm when nitrate is the nitrogen source).

Change in concentrations of different terminal electron acceptors, pH, and gas
production due to kinetic biodegradation reactions can be computed from the stoi-
chiometry of the microbial mediated redox reactions (Table IV). This allows the
mechanistic modelling of the influence of biological activities on the local inor-
ganic geochemistry. A two-step iterative or sequential operator splitting method
can be applied to solve the coupled solute transport model, kinetic biochemical
model, and geochemical equilibrium model. If iteration is not performed between
the transport and biochemical reaction equation small time steps can be used for
two-step sequential operator splitting method. To simulate the evolution of clog-
ging processes of soils under the leaking landfill, the fluid flow model is coupled
to the transport model with a feedback effect through some relationship between
permeability and changes in porosity of the soil.

6. Application and Conclusion

Different complex interactions involving physical, chemical and biological pro-
cesses control the transport of landfill leachate in soils. Relatively few models exist
that include complex interactions between the physical, chemical and biological
processes in soils. Field and laboratory studies show that many geochemical pro-
cesses in leachate-contaminated soils are kinetically controlled. Inadequate kinetic
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data coupled with insufficient understanding of the complexities of biogeochem-
ical interactions associated with leachate transport processes prevent the devel-
opment of a comprehensive composite model having significant predictive cap-
ability. Moreover, general lack of quality field data for calibration and validation
purposes also affects a comprehensive composite model for better environmental
management. The overall conclusion of the present review is that although inform-
ation is available on several aspects of biogeochemical interactions in leachate-
contaminated soils, further research is required before the transport of leachate
constituents in soils is fully understood.

This study has reviewed the current scientific literature pertaining to various
aspects of leachate migration in soils and presented a framework to develop a
comprehensive composite model. Such composite models may be used to assess
the impact of contaminants leaking from landfills on groundwater quality. The
model can also serve as a management tool and used to evaluate environmental risk
scenarios and develop strategies for groundwater protection against contamination.
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